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• Sewage-sludge biochar and iron-oxide-
coated sands were tested to adsorb
DNA and microorganisms carrying re-
sistances.

• Up to 97% of genes testedwere removed
from the total environmental DNA of
unfiltered effluent.

• Up to 85% of ARGs and MGEs of free-
floating extracellular DNA were
retained.

• Sewage-sludge biochar displayed the
highest adsorption efficiencies.

• By-products from wastewater and
drinking water treatment plants can be
re-used for sanitation.
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Wastewater treatment is challenged by the continuous emergence of chemical and biological contaminants. Dis-
infection, advanced oxidation, and activated carbon technologies are accessible in high-income countries to sup-
press them. Low-cost, easily implementable, and scalable solutions are needed for sanitation across regions. We
studied the properties of low-cost absorbents recycled fromdrinkingwater andwastewater treatment plant res-
idues to remove environmental DNA and xenogenetic elements from used water. Materials characteristics and
DNA adsorption properties of used iron-oxide-coated sands and of sewage-sludge biochar obtained by pyrolysis
of surplus activated sludge were examined in bench-scale batch and up-flow column systems. Adsorption
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profiles followed Freundlich isotherms, suggesting a multilayer adsorption of nucleic acids on these materials.
Sewage-sludge biochar exhibited high DNA adsorption capacity (1 mg g−1) and long saturation breakthrough
times compared to iron-oxide-coated sand (0.2 mg g−1). Selected antibiotic resistance genes andmobile genetic
elements present on the free-floating extracellular DNA fraction and on the total environmental DNA (i.e., both
extra/intracellular) were removed at 85% and 97% by sewage-sludge biochar and at 54% and 66% by iron-
oxide-coated sand, respectively. Sewage-sludge biochar is attractive as low-cost adsorbent to minimize the
spread of antimicrobial resistances to the aquatic environmentwhile strengthening the role of sewage treatment
plants as resource recovery factories.

© 2021 The Author(s). Published by Elsevier B.V. This is an open access article under the CC BY-NC-ND license
(http://creativecommons.org/licenses/by-nc-nd/4.0/).
1. Introduction

According to the UNICEF (2019), about 785 million people do not
have access to potable water world-wide. Population growth and ex-
panded living standards severely affect water resources availability
(Shannon et al., 2008). New and alternate solutions to provide clean
water are needed, such as wastewater reuse. The main problem with
reclaimingwastewater is thefinal effluent quality. Sustainable Develop-
ment Goals (SDG 6.3) targets high water quality by reducing the use of
hazardous materials and increasing the proportion of treated water,
thus stimulating recycling and safe reuse.

Wastewater treatment plants (WWTPs) are central to recycle used
water to aquatic ecosystems. Located at the end of the sewer pipe,
they face the full cocktail of pollutants emitted in the catchment area.
WWTPs have been designed step-wise to remove pathogens, solids, or-
ganic matter, and nutrients like phosphorus and nitrogen. They are not
designed to treat a number of persistent xenobiotic compounds, which
are often discharged with the effluent (McEachran et al., 2018). Only a
few countries have adopted water quality criteria to legislate the emis-
sions and removal of micropollutants from wastewater, and their eco-
logical impacts (Eggen et al., 2014; Weissbrodt et al., 2009). Both
chemical and biological contaminants continuously emerge and rise
concerns. New technicalmeasures need to be developed to suppress xe-
nobiotic compounds and xenogenetic elements.

Because of the microbial diversity of activated sludge, WWTPs are
often hypothesized as hotspots for the horizontal gene transfer and pro-
liferation of antimicrobial resistance (AMR) (Cacace et al., 2019; Rizzo
et al., 2018). Rather than WWTPs per se, the whole set of emission
sources in a catchment area needs to be considered at the root of
AMR. The continuous release of antibiotics and other chemical and bio-
logical pollutants like heavy metals, antibiotic resistant bacteria (ARB),
and antibiotic resistance genes (ARGs) in wastewater generates a selec-
tive pressure for AMR development and propagation in engineered and
natural aquatic ecosystems. AMRs threaten the environmental, animal
and human health, by the generation and spread of antibiotic-
resistant pathogens across water bodies, soil, and food chain (Pruden
et al., 2006; Tripathi and Tripathi, 2017). The overuse and misuse of an-
tibiotics affect the medical effectiveness in combating pathogenic or-
ganisms (Lee Ventola, 2015; Gould et al., 2015).

In contrast to chemicals, AMRs are biological pollutants that replicate
(Gillings et al., 2018). ARB are generated by horizontal transfer of ARGs
and mobile genetic elements (MGEs) by and between microorganisms
(Karkman et al., 2018).MGEs form themain component (65%) of extracel-
lular DNA (exDNA) fragments that free-float in wastewater (Calderón-
Franco et al., 2020a, 2020b). Stress conditions and complexmicrobial com-
munities may enhance the transformation of microorganisms by these
xenogenetic elements (Lu et al., 2015; vonWintersdorff et al., 2016).

A recent study of a set of six representative ARGs across more than 60
DutchWWTPs has highlighted thatWWTPs do not amplify the release of
these intracellular ARGs (Pallares-Vega et al., 2019). ARGs andMGEs, such
as the class I Integron-integrase gene (intI1), have been reduced on aver-
age of a 1.76 log unit from influents to effluents. However, 106 ARG copies
are still present per liter of WWTP effluent. In a rough estimate, this cor-
responds to ca. 3–6·1014 ARG copies emitted per day or 1–2·1017 ARG
2

copies emitted per year discharged in the outlet of large WWTPs of 1–4
million person-equivalents. The ARG content in the free-floating extracel-
lular DNA fraction still remains unchecked and overlooked. Quantitative
questions arise from water authorities on what level of ARGs can lead to
a significant risk for environmental and human health. ARGs persist in
river and lakes some kilometers away from the effluent discharge point
(Czekalski et al., 2012). While the exposure of environmental, animal
and human bodies to ARB and ARGs released from WWTP catchment
areas into receiving waters has still to be addressed in order to address
the risk, solutions to abate their loads are needed according to precaution-
ary and/or prevention principles.

Tertiary treatments like effluent disinfection using UV or chlorina-
tion do not suppress the release of ARGs in the environment: these
genes can still be detected in disinfected effluents (Pazda et al., 2019).
Disinfection can inactivate or select for ARB (Destiani and Templeton,
2019; Wu and Xu, 2019; Yuan et al., 2015), while the genes can remain
and can be released as free-floating exDNA by cell lysis. Most studies on
the fate of AMRs (Yang et al., 2014) did not consider exDNA. The con-
centrations of free-floating exDNAmeasured from differentwastewater
samples (influent, activated sludge, and effluent) ranged between 2.6
and 12.5 μg L−1 (Calderón-Franco et al., 2020a). This exDNA fraction
can persist several months or even years in marine and soil matrices
(Mao et al., 2014; Torti et al., 2015). It can attach to suspended particles,
sand, clay and humic acids (HAs). However, sorption of exDNA on nat-
ural particles does not prevent its mobility and ability to transform into
natural competent bacteria (Zhang et al., 2018).

Different advanced technologies can remove ARB and ARGs from
wastewater effluents. Process principles can go from solid-liquid sepa-
ration in membrane bioreactors (Kappell et al., 2018; Riquelme
Breazeal et al., 2013) to coagulation (Grehs et al., 2019; Li et al., 2017),
disinfection and advanced oxidation via chlorination, ozonation, UV or
UV-activated persulfate (Stange et al., 2019;(Zhou et al., 2020), besides
algal-based wastewater treatment systems (Cheng et al., 2020) among
others. The aforementioned physical-chemical methods however em-
ploy non-renewable materials or require consistent variations on the
WWTP operation processes. These technological designs are mostly ac-
cessible in high-income countries. Simple, low-cost, implementable,
and scalable solutions are needed for delivering safe sanitation world-
wide according to local contexts.

In the water circular economy, upgrading resources recovered from
the water cycle (Van Der Hoek et al., 2016) can be an efficient solution
to remove AMR determinants. Sewage-sludge biochar produced by py-
rolysis of surplus activated sludge is an interesting recycled resource for
soil amendment to immobilize heavy metals (Cd, Cu, Ni, Pb or As) and
prevent environmental risk of such chemicals (Agrafioti et al., 2013).
Besides implementation of biochar soil, manure and solid waste man-
agement, implementation of sewage-sludge biochar for wastewater
treatment is limited (Krzemiński and Popowska, 2020). Biochar from
different sources has lately been studied for DNA and exDNA adsorption
under different settings (Fang et al., 2021; Fu et al., 2021; Ngigi et al.,
2020; Zhou et al., 2021). For instance, Fang et al. (2021) used local
wood chip, wheat straw and peanut shell for biochar production to
study adsorption and degradation by nucleases of extracellular DNA.
Similar approach was followed by Fu et al. (2021), who used maize

http://creativecommons.org/licenses/by-nc-nd/4.0/
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straw to producemagnetic biochar to remove extracellular antibiotic re-
sistance genes in aquatic environments. Zhou et al. (2021) and Ngigi
et al. (2020) have proven that the addition of biochar from chicken ma-
nure andmushroom residues or pigmanure does mitigate the accumu-
lation and spread of ARGs during composting and storage.

Iron-oxide-coated sand are used to remove metals (As, Ni, and Zn) in
drinking water treatment plants (WTP). Nucleic acids harbor phosphate-
based polyanionic sites that can bind to iron or other multivalent cations.
Therefore, DNA may exhibit ionic interactions with positively-charged
materials like iron-oxide-coated sand (Vermeer et al., 1998; Vermeer
and Koopal, 1998).

In a sanitation and circular economy approach, we studied the
upgrading of by-products of wastewater and drinking WTPs as low-
cost adsorbents to remove environmental and free-floating exDNA.
Sewage-sludge biochar prepared by pyrolysis of dewatered sewage
sludge and used iron-oxide-coated sands were reclaimed for their ad-
sorption characteristics and capacity to remove ARGs and MGEs as
well as ARB from secondary wastewater effluents. We characterized
the adsorbents by X-ray fluorescence spectrophotometry, Mössbauer
spectroscopy, and scanning electron microscopy. We measured the
DNA adsorption isotherms of the adsorbents and breakthrough curves
of both free-floating exDNA and total environmental DNA (i.e., microor-
ganisms and exDNA) from batch to up-flow fixed-bed column systems.
Our results help delineate the potential of these cheap recycled mate-
rials to prevent the release of ARB, ARGs and MGEs in WWTP effluents
into aquatic ecosystems.

2. Material and methods

2.1. Preparation of sewage-sludge biochar by pyrolysis of dewatered
activated sludge and collection of iron-oxide-coated sand

Dewatered sewage sludge was collected from the urban WWTP
Harnaschpolder (Waterboard Delfland, The Netherlands) to produce
sewage-sludge biochar. The dewatered sewage sludge samples were
brought to the labwithin 1 h and stored at 4 °C pending analyses and py-
rolysis. Before pyrolysis, the sewage sludgewas characterizedbymoisture
content and volatilematter. Themoisture contentwas performed at 11±
1 °C and volatile matter at 500 ± 50 °C until constant weight was
achieved. Sewage-sludge biochar was produced following Agrafioti et al.
(2013). Dewatered sludge was heated in a muffle furnace at 600 °C
under a controlled flow of nitrogen. The temperature increase rate was
kept at 17 °C min−1. The samples were kept for 30 min residence time.
Oxygen-free conditions were maintained by supplying nitrogen at a rate
of 200 mL min−1. The cooled samples were then crushed and sieved at
150 μm pore size. Biochar generation by pyrolysis was done in triplicates
at one selected temperature (600 oC). Themethodology for analyzing the
properties of the raw material used for the production of biochar was
followed according to Agrafioti et al. (2013). The sewage-sludge biochar
production yield was determined as the ratio of the produced dry mass
of sewage-sludge biochar (after pyrolysis) to the dry mass of sewage-
sludge (before pyrolysis). The sewage-sludge biochar was stored at
room temperature pending experiments.

An amount of 2 kg of used iron-oxide-coated sand (1–4 mm) was
reclaimed from the sand-filtration unit of AquaMinerals B.V., a water san-
itation company giving a second life to the resources from drinkingWTPs
in The Netherlands. Iron-oxide-coated sands received were crushed and
sieved at 600 μm, and stored at room temperature for further experiments.

Other sorbentswere tested as comparisonbasis, namelypowdered ac-
tivated carbon (PAC), granular activated carbon (GAC), andmineralwool.

2.2. Sampling of effluent water from WWTP

Effluent water was collected from WWTP Harnaschpolder operated
for full biological nutrient removal. Effluent water was collected at the
outlet of its tertiary treatment. Sample triplicates were collected on
3

three different days. A volume of 1 L of treated water was collected
per replicate. All samples were processed in a timeframe of less than
4 h after collection.

2.3. Physical-chemical analyses of the adsorbents

2.3.1. Chemical compositions of the adsorbents
The inorganic chemical composition of sewage-sludge biochar

was characterized using an Axios Max wavelength dispersive X-ray
fluorescence (WD-XRF) spectrophotometer (Malvern-Panalytical, The
Netherlands). The data was evaluated with SuperQ5.0i/Omnian software.
Carbon (C), oxygen (O) and nitrogen (N) could not be measured byWD-
XRF spectrophotometry. The elemental composition of carbon (C),
oxygen (O), hydrogen (H), nitrogen (N) and sulphur (S) from sewage-
sludge biochar and of iron (Fe) and silica (Si) from iron-oxide-coated
sand were analyzed by elemental analysis (Mikrolab Kolbe, Germany).

2.3.2. Surface area and pore size of the adsorbents
The surface area and pore size of the adsorbents were calculated

using a nitrogen gas adsorption analyser (Micrometrics Gemini VII
2390 Surface area analyser, USA). Before analysis, 5 g of the by-
product materials were previously degassed under vacuum at 150 °C
(under N2 flow) during 1 h to eliminate moisture and gasses. A mass
of 0.5 g of the by-product materials was introduced in the test tube
with liquid nitrogen. N2 isotherms were measured at -196 °C. Surface
area was calculated according to the Brunauer-Emmett-Teller (BET)
method (Naderi, 2015), which incorporates a multilayer coverage. The
Barret-Joyner-Halenda (BJH) method was used to determine the pore
size usingKelvin equation of porefilling, where a cylindrical pore geom-
etry was assumed (Villarroel-Rocha et al., 2014).

2.3.3. Valence state of iron-oxide-coated sands
The valence state of iron (Fe) in iron-oxide-coated sand was

determined by Mössbauer Spectroscopy to retrieve its oxidation state.
Mössbauer spectra were recorded at 300 K with a conventional
constant-acceleration spectrometer, and at 4.2 K (liquid helium
cryostat) with a sinusoidal velocity spectrometer, using a 57Co (Rh)
source. A velocity calibration curve was performed using an α-Fe foil
at room temperature.

2.3.4. Surface observation of adsorbents by scanning electron microscopy
The surface observation of sewage-sludge biochar and iron-oxide-

coated sand was analyzed using a scanning electron microscope (SEM;
model JSM-6010LA, Jeol Ltd., Japan) at magnifications of 5’000-
10’000× and acceleration voltages of 5–15 keV.

2.4. DNA standard solutions and chemicals used for adsorption experiments

Solutions of UltraPure™ Salmon spermDNA(Thermo Fisher Scientific,
USA) were used as standards for free-floating exDNA in order to charac-
terize DNA adsorption phenomena in batch and column regimes, before
testing the removal of total environmental DNA from WWTP effluent.
Salmon sperm DNA is double stranded, and sheared to an average size
of ≤2000 bp. The purity of DNA was assessed by UV light absorbance at
260 and 280 nm (A260/280 > 1.8) (BioTek, Gen5 plate reader, USA).

The chemicals and other reagents were obtained from SigmaAldrich
(USA). In order to assess the effect of different ions and humic acids on
DNA adsorption, stock solutions of 1 mol L−1 of salts (NaCl, CaCl2.2H2O,
MgCl2.6H2O) and 800mg L−1 of humic acids (CAS No. 1415-93-6)were
prepared in ultrapure water (Sigma Aldrich, UK).

2.5. DNA adsorption in batches

2.5.1. Preliminary screening of adsorbents
The adsorption efficacies of sewage-sludge biochar and iron-oxide-

coated sand were compared to those of powdered activated carbon
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(PAC), granular activated carbon (GAC), and mineral wool as reference
materials. Adsorption efficacies were preliminarily tested in triplicate
experiments conducted in 2-mL sterile Eppendorf tubes with 40 mg of
tested adsorbent material and 1 mL of working solutions of salmon
sperm DNA at initial concentrations of 0, 20, 40, 60, 80, 100, 120 and
140 μg DNA mL−1 in either ultrapure water, tap water, and filtered
(0.2 μm)WWTP effluent water. The Eppendorf tubes were mixed con-
tinuously at 180 rpm on an orbital shaker at 25 °C until equilibrium.
Themixture was then centrifuged at 13000 ×g for 20 min prior to mea-
suring the DNA concentration from the supernatant (BioTek, Gen5 plate
reader, USA).

2.5.2. DNA adsorption equilibria of sewage-based biochar and iron-oxide-
coated sand

To find the equilibrium time required for DNA adsorption onto
sewage-based biochar and iron-oxide-coated sand, batch experiments
were conducted in apothecary glass bottles of 25mL,with aworking so-
lution of 5 mL of salmon sperm DNA at an initial concentrations of
100 μg DNA mL−1 in ultrapure water, tap water, and filtered effluent
water. The mass of sewage-sludge biochar or iron-oxide-coated sand
adsorbents was added in increasing amounts from 0 to 100 mg adsor-
bent mL−1 in separate bottles. Each experiment was performed in trip-
licates. The bottles were agitated continuously at 180 rpm on an orbital
shaker at 25 °C for 24 h. Liquid volumes of 0.5 mL were sampled every
1 h from the batches and centrifuged at 13000 ×g for 20 min.

2.5.3. Effect of pH, ionic strength and humic acids content on DNA
adsorption

To evaluate the influence of pH on DNA adsorption, experiments
were run at pH 5, 7 and 9 in 10 mmol L−1 Tris-HCl buffer with initial
DNA concentrations of 20 and 100 μg DNAmL−1. The interaction effects
of cation species on DNA adsorption was studied at initial DNA concen-
tration of 100 μg DNA mL−1 in the presence of 0–60 mmol L−1 Na+ (as
NaCl), Mg2+ (as MgCl2), and Ca2+ (as CaCl2) at pH 7. Competition with
organic matter on DNA adsorption was investigated at pH 7 in the
presence of humic acids (HAs) at 0–100 mg HAs L−1 to represent natu-
ral organic matter. In all experiments, pH was maintained constant in
Tris-HCl buffer.

2.5.4. Quantifying the DNA adsorbed on sewage-sludge biochar and iron-
oxide-coated sand

The residual DNA concentration in the supernatants was measured
in 96-well UV flat-bottom plates (Greiner UV Star 96, Germany) by UV
spectrophotometry at 260 nm (BioTek, Gen5 plate reader, USA). The
DNA concentration after incubation with HAs was measured with
Qubit® dsDNA assays (Thermo Fisher Scientific, USA) (Leite et al.,
2014). The amount of DNA adsorbed onto the adsorbent at equilibrium
was calculated using Eq. (1).

Amount of DNA adsorbed
μg DNA

mg adsorbent

� �

¼
DNA½ �0

μg
mL water

� �
− DNA½ �final

μg
mL water

� �
Adsorbent weight mgð Þ � Sample volume mLð Þ

ð1Þ

2.5.5. Modelling DNA adsorption isotherms and efficiency
Both Langmuir and Freundlich isothermmodels were applied to de-

scribe the DNA adsorption from the solution onto the adsorbents.
The Langmuir isotherm model (Eq. (2)) describes the adsorption of

adsorbate molecules (DNA in this case) by assuming behavior as an
ideal gas under isothermal conditions. Adsorption is supposed to hap-
pen onto homogeneous solid surfaces that exhibit one adsorption site.
4

qe ¼
qmaxKLCe

1þ KLCe
ð2Þ

where qe (mg adsorbate g−1 adsorbent) is the amount of adsorbate
adsorbed, Ce (mg adsorbate L−1) is the equilibrium adsorbate concen-
tration, qmax (mg adsorbate g−1 adsorbent) is themaximummonolayer
adsorption capacity, and KL (L mg−1 adsorbate) is the Langmuir empir-
ical constant related to the heat of adsorption. KL represents the adsorp-
tion affinity of the adsorbate onto the adsorbent.

The Freundlich isotherm model (Eq. (3)) is an empirical relation
between the concentration of a solute on the surface of an adsorbent
(by-products) and the concentration of the solute in the liquid at its in-
terface. The Langmuir model assumes only a monomolecular layer on
the surface at maximum coverage (i.e., no stacking of adsorbed mole-
cules). The Freundlich isotherm does not account for this restriction.

qe ¼ K FCe
1=n ð3Þ

where qe (mg adsorbate g−1 adsorbent) is the amount of solute
adsorbed, Ce (mg adsorbate L−1) is the equilibrium adsorbate concen-
tration, KF (mg adsorbate g−1 adsorbent) is the Freundlich constant re-
lated to the adsorption capacity, and n (−) is the heterogeneity factor
and adsorption favorability.

2.6. DNA adsorption in up-flow packed-bed column

2.6.1. Characteristics of the columns packed with sewage-sludge biochar
and iron-oxide-coated sand

Continuous up-flow adsorption experiments were conducted in
chromatography glass columns (1 cm inner diameter and 15 cm col-
umn). An amount of 0.5 g of glass beads (250–300 μm) was inserted
at the bottom of the column for a homogeneous flow distribution
through the column. The columns were packed with known quantities
of adsorbents: 3 g of sewage-sludge biochar and 4 g of iron-oxide-
coated sand.

2.6.2. Hydraulic residence time in the packed column
Hydraulic residence time distributions in the up-flow columns

packed with either sewage-sludge biochar or iron-oxide-coated sand
were recorded using a NaCl salt tracer (Fig. S2 in Supplementary mate-
rial). The columnswere filled with the sorbents at a bed height of 10 cm
and fed with a saline solution at a flow rate of 1mLmin−1. A concentra-
tion of 60 mmol L−1 NaCl salt solution (i.e., 3.5 g L−1) was pulse-dosed
at the column foot by using an HPLC liquid chromatography pump
(Shimadzu LC-8A, USA). The concentration changes in the effluent
weremeasured by electrical conductivity using a PRIMO 5Microproces-
sor Conductivity Meter (Hanna instruments, USA), as a function of time
by taking liquid samples of 0.5 mL from the column outlet.

2.6.3. Breakthrough of salmon sperm DNA in the up-flow packed column
The packed columns were fed up-flow with aqueous standard solu-

tions of salmon spermDNA of known concentrations using an HPLC liq-
uid chromatography pump (Shimadzu LC-8A, USA). Adsorption
breakthrough curves were recorded (i) with inlet DNA concentrations
of 0.1, 0.3 and 0.5 mg DNA L−1 at a fixed flow rate of 0.1 mL min−1

and (ii) with flow rates of 0.1, 0.3 and 0.5 mL min−1 at a fixed inlet
DNA concentration of 0.3mgDNA L−1. Samples of 200 μLwere collected
at the column outlet in intervals of 15 min. The DNA concentration was
measured spectrophotometrically until the ratio of Ct/Co reached a con-
stant value: Co and Ct are the DNA concentrations at the column inlet
and outlet, respectively. A Ct/Co ratio close to 1 indicates saturation of
the column with DNA (i.e., full adsorption capacity reached).
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2.6.4. Data analysis of DNA breakthrough curves and maximum adsorption
capacities in column

The performance of a fixed bed column can be explained by the
breakthrough curves. The amount of time needed for breakthrough
and the shape of the curve inform on the dynamic behavior of the col-
umn. Breakthrough curves are expressed as Ct/Co versus time (Han
et al., 2009; Rouf and Nagapadma, 2015). The breakthrough point is
usually defined as the pointwhen the ratio between influent concentra-
tion, C0 (mg L−1) and outlet concentration, Ct (mg L−1) becomes 0.05 to
0.90 (Chowdhury et al., 2015). The total capacity of the column (qtotal in
mg) gives themaximumamount ofDNA that can be adsorbed and is cal-
culated by integrating the area under the breakthrough curve given by
Eq. (4) (Chen et al., 2012; Han et al., 2009; Rouf and Nagapadma, 2015)

qtotal ¼
Q

1000

Z t¼total

t¼0
Cad dt ð4Þ

where Q is the flow rate (mL min−1); “t = total” is the total flow time
(min); Cad is the adsorbed DNA concentration (Co – Ct) (mg L−1).

The equilibriumDNAuptake ormaximumadsorption capacity of the
column qeq(exp) (mg g−1) is calculated by Eq. (5):

qeq expð Þ ¼
qtotal
m

ð5Þ

where m is the dry weight of the adsorbent in the column (g).

2.6.5. Modelling DNA adsorption in the fixed-bed column
The column data were fitted with Thomas and Yoon-Nelson models

for columnmodelling as in Chatterjee et al. (2018). In order to design an
adsorption column, predicting the breakthrough curve and adsorbent
capacity for the adsorbate under certain conditions is required. Data ob-
tained from the experiments can be used for designing a prospective
full-scale column operation.

The Thomas model (Eq. 6) was used to estimate the absorptive ca-
pacity of the adsorbent in the column.

Ct

Co
¼ 1

1þ exp
KTH qe x

Q

� �
−kTh Co t

� � ð6Þ

where kTH (mLmin−1mg−1) is theThomasmodel constant; qe(mgg−1)
is the predicted adsorption capacity; x is the mass of adsorbent (g); Q is
the flow rate (mLmin−1); Cois the inlet DNA concentration (mg L−1); Ct
is the outlet DNA concentration at time t (mg L−1).

The Yoon-Nelsonmodel (Eq. 7) was used to predict the run time be-
fore regeneration or replacement of the columnbecomes necessary. It is
a very simplemodel to represent the breakthrough curve: it does not re-
quire any data about the characteristics of the system and the physical
properties of the adsorbent (Rouf and Nagapadma, 2015).
Fig. 1. From waste by-products to DNA adsorbents at the root of circular water economy. (a
dewatered surplus activated sludge from a wastewater treatment plant and of used iron
continuous-flow column (c) setups used to characterize the DNA adsorption isotherms, charac
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Ct

Co−Ct
¼ exp KYNt−τkYNð Þ ð7Þ

where KYN (min−1) is the rate constant; τ (min) is the time required for
50% adsorbate breakthrough.

2.7. Removal of ARGs and ARB from filtered and unfiltered WWTP effluents
in up-flow columns

After the detailed characterization of DNA adsorption properties
with synthetic solutions of salmon spermDNA, the columnexperiments
were performed by feeding a real effluent water from WWTP
Harnashpolder to the packed columns.

2.7.1. Experiments with filtered and unfiltered real WWTP effluent
Two sets of experiments were run with filtered (0.2 μm) and unfil-

tered WWTP effluent water to characterize the removal of free-
floating exDNA and of total environmental DNA (i.e., both intracellular
and extracellular DNA), respectively, and their related ARG/MGE con-
tent. The experiments were performed in triplicates. Volumes of 1 L of
filtered/unfiltered WWTP effluent were passed through the columns
at up-flow feeding flowrate of 0.3 mL min−1. The removals of ARGs
and ARB were measured by comparing their levels in the free-floating
exDNA fraction and total environmental DNA of the inlet and outlet of
the packed column. The extractions and purification procedures of
free-floating exDNA and total environmental were described in details
elsewhere (Calderón-Franco et al., 2020b) and given in short hereafter.

2.7.2. Isolation of free-floating extracellular DNA from WWTP effluent
matrices

To extract the free-floating exDNA, sample volumes of 1 Lwerefiltered
sequentially through 0.44 μmand 0.22 μmpolyvinylidene fluoride (PVDF)
membranes (Pall Corporation, USA) prior to isolation by ion exchange. The
DEAE ion-exchange column was prepared and processed according to
manufacturer's instructions. Buffers and solutions used for equilibrating,
eluting, regenerating, cleaning and storing theDEAE ion-exchange column
are the following. The equilibration buffer consisted of 50 mmol L−1 Tris,
10mmol L−1 EDTA at pH 7.2. The elution buffer consisted of 50mmol L−1

Tris, 10 mmol L−1 EDTA, 1.5 mol L−1 NaCl at pH 7.2. The regeneration
buffer consisted of 50 mmol L−1 Tris, 10 mmol L−1 EDTA, 2 mol L−1

NaCl, pH 7.2. The cleaning solution consisted of 1 mol L−1 NaOH and
2mol L−1 NaCl. The storage solution consisted of 20% ethanol in ultrapure
water.

The full volume (1 L) of the pre-filtered sample containing the free-
floating exDNAwas loaded in a positively charged 1-mL diethylaminoethyl
cellulose (DEAE) ion-exchange column (BIA Separations, Slovenia) at a
speed of 0.6 mL min−1 after equilibration in order to keep the pressure
below the maximum limit of 1.8 MPa. After chromatographic retention,
the exDNA was eluted at a flowrate of 1 mL min−1 with elution buffer
and tracked over time with an HPLC photodiode array detector (Waters
Corporation, USA) recording the UV-VIS absorption of DNA at 260 nm.
) Macroscopic visualization of sewage-sludge biochar prepared by pyrolysis at 600°C of
-oxide-coated sand reclaimed from a drinking water treatment plant. Batch (b) and
teristics, and efficiencies of the two reclaimed adsorbent materials.
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The recovered raw free-floating exDNA was precipitated from the eluate
with ethanol (Moore and Dowhan, 2002). The residual proteins bound to
the exDNA were digested by 2-h incubation with 0.85 g L−1 proteinase K
(Sigma-Aldrich, UK); the enzymatic reaction was stopped at 50 °C for
10 min. The protein-digested raw free-floating exDNA sample was finally
purified usingGeneJETNGSCleanupKit (Thermo Scientific, USA). The puri-
fied free-floating exDNA isolates were stored at−20 °C pending analysis.

2.7.3. Extraction of total environmental DNA fromWWTP effluent matrices
The total environmental DNA (i.e., intracellular and extracellular

DNA) was extracted from the unfiltered water sample before loading
the column and the effluent using the DNeasy PowerWater kit (Qiagen,
The Netherlands) following manufacturer's instructions. All DNA ex-
tracts were quantified by fluorometry using Qubit® (Thermo Fisher
Scientific, USA).

2.8. Quantification of ARGs and MGE by quantitative polymerase chain
reaction

The 16S rRNA genewas selected as a proxy to quantify total bacteria.
The genes analyzed by qPCR (Table 1) were chosen from a selection
panel of ARGs previously used for wastewater survey (Pallares-Vega
et al., 2019). TheseARGs confer resistance to antibioticswith the highest
consumption in The Netherlands: erythromycin macrolides (ermB),
sulfonamides (sul1 and sul2), quinolones (qnrS) and extended-
spectrum β-lactamase (blaCTX-M). The class 1 integron-integrase gene
(intI1) – a jumping gene driving horizontal gene transfer (Ma et al.,
2017) – was included to assess the fate of MGEs. Standards for qPCR
were generated from a curated antimicrobial resistance genes database
ResFinder (https://cge.cbs.dtu.dk/services/ResFinder/). Standards,
primers, and reaction conditions are listed in Tables S1 and S2 in Supple-
mentary material.

3. Results and discussion

The preliminary screening of adsorbents revealed the interesting
DNA adsorption characteristics of sewage-sludge biochar close to pow-
dered activated carbon (Fig. 3). Depending on concentrations of salmon
sperm DNA standard and its ratio to adsorbent mass (20–140 μg DNA
mL−1 for 40 mg of adsorbent material in 1 mL working volumes in
Eppendorf tubes), and on water conditions from ultrapure water to
tap water to filtered WWTP effluent, the sewage-sludge biochar and
used iron-oxide-coated sand displayed superior adsorption potential
than granular activated carbon and mineral wool. Powdered activated
carbon is industrially manufactured and forms a definite solution to re-
move potentially problematic environmental DNA on top of chemical
micropollutants. Sewage-sludge biochar and used iron-oxide coated
sand are reclaimed from WWTP and drinking WTP wastes, rendering
these adsorbents as interesting low-costmitigation solutions in the con-
text of the circular water economy. A detailed examination of the
Table 1
Details of the panel of universal 16S rRNA gene, antibiotic resistant genes (ARGs), andmo-
bile genetic element (MGE). The selectionwas based on Pallares-Vega et al. (2019) as rep-
resentative genes for The Netherlands.

Group Gene Function

All Bacteria 16S ribosomal RNA gene Normalization to the
concentration of bacteria

ARGs ermB (Erythromycin resistance) Resistance to macrolides
sul1 (Sulfonamide resistant
dihydropteroate synthase 1)

Resistance to sulfonamides

sul2 (Sulfonamide resistant
dihydropteroate synthase 2)

Resistance to sulphonamides

qnrS (Fluoroquinolone resistance) Resistance to quinolones
blaCTXM (Cefotaxime-hydrolyzing
β-lactamase resistance)

Resistance to extended
spectrum β-lactams

MGE intl1 (Class 1 Integrase) Integrase of type 1 integrons
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physical-chemical properties of DNA adsorption onto these two circular
products is elaborated in this study (Fig. 2).

3.1. Physical-chemical characteristics of sewage-sludge biochar and iron-
oxide-coated sand are suited for DNA adsorption and microbial retention

The surface morphologies of the sewage-sludge biochar processed
by pyrolysis (600 °C) of surplus activated sludge from the WWTP
(Fig. 4a-b) and of reclaimed iron-oxide-coated sand obtained from the
drinking WTP (Fig. 4c-d) were characterized by SEM. The surface mor-
phologies of both by-products were highly heterogeneous and structur-
ally complex, with many pores of different diameters. No fibers nor
debris structures were observed in any of the materials.

The specific surface areas measured according to Brunauer-
Emmett-Teller (BET) are provided in Table 2. The surface area of
sewage-sludge biochar (32.4 m2 g−1) was lower than iron-oxide-
coated sand (164.9 m2g−1). Ash filling, which blocks access to the
biochar micropores, could explain this difference (Song and Guo,
2012). Méndez et al. (2013) got similar BET surface area values
(37.18 m2 g−1) and pore diameter (9.46 nm) for sewage-sludge bio-
char pyrolyzed at same temperature.

Sharma (2001) described the specific surface area of iron-oxide-
coated sand from 12 different Dutch drinking WTP in the range of 5.4
to 201 m2 g−1. They suggested that the BET surface area of iron-oxide-
coated sand couldmainly depend on their residence time (frommonths
to years) in the drinking WTP.

The relatively low yield of sewage-sludge biochar production of
0.39 g dried sewage-sludge biochar g−1 dried sewage sludge matches
other studies (Roberts et al., 2017; Tarelho et al., 2019). The biochar
production yield has a direct implication on its industrial applicability.
It highly varies on the pyrolysis temperature used (Daful and
Chandraratne, 2018) since directly linked to amounts of volatile matter
released (Titiladunayo et al., 2012). For practice, other pyrolysis temper-
atures and seasonal biomass samples could be tested to address varia-
tions in the biochar production yield and its DNA adsorption capacity.
Biochar-based systems form an important low-cost component to sus-
tain sanitation in low- and middle-income countries. Sunlight-based
processes are currently investigated to concentrate energy in solar fur-
naces to drive photothermal processes across a temperature range
from 80 to more than 1000 °C, thus perfectly suited for biochar produc-
tion (Ayala-Cortés et al., 2019) from any kind of biomasses locally
available.

The chemical properties of the adsorbent materials are presented in
Table 2. The sewage-sludge biochar was mainly composed of oxygen,
sulphur and carbon with traces of other elements like phosphorus,
magnesium or calcium bioaccumulated during wastewater treatment.
Iron-oxide-coated sands mainly comprised iron, oxygen and silica. The
valence state of iron in the iron-oxide-coated sand was determined by
Mössbauer spectroscopy, resulting in mainly ferrihydrite (III) particles
(Fig. S1; Table S3).

The porous morphologies and chemical characteristics of sewage-
based biochar and iron-oxide-coated sand exhibit interesting properties
for exDNA removal by entrapment and adsorption.

3.2. Adsorption of nucleic acids by sewage-sludge biochar and iron-oxide-
coated sand is governed by a multilayer Freundlich isotherm

From the batch tests performed in apothecary glass bottles of 25mL
with 5 mL working volumes, initial salmon sperm DNA concentrations
of 100 μg DNA mL−1 and increasing amounts of adsorbents from 0 to
100 mg mL−1, sewage-sludge biochar rapidly and efficiently removed
the DNA present in the supernatant after 2 h equilibrium time onto
40–100 mg adsorbent mL−1 (Fig. 5a-b). Reclaimed iron-oxide-coated
sand displayed lower DNA adsorption capacity with a minimum of
80mgadsorbentmL−1 needed to fully remove theDNA after an equilib-
rium time of at least 5 h. One may raise the question on whether the

https://cge.cbs.dtu.dk/services/ResFinder/


Fig. 2. Schematic representation of the experimental adsorption column setup used and the quantitative PCR as analytical procedure applied. The aim was to study the adsorption and
removal of antibiotic resistance bacteria, antibiotic resistance genes and mobile genetic elements by using sewage- sludge biochar and iron oxide-coated sand from treated effluent
wastewater. Detail of material and setup used can be found in Fig. 1. Created with BioRender.
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DNA removal occurred via adsorption or degradation. DNAdid not show
any degradation after 24 h of suspension in treatedwastewater without
any sewage-sludge biochar (Fig. 5a). Recent studies have shown that
the presence of biochar provided protection to exDNA against degrada-
tion by DNase I (Fang et al., 2021). In addition, cross-verification
methods like DNA fluorescence staining and microscopy could be used
to consolidate adsorption results.

Both Langmuir and Freundlich isotherm models were used to ana-
lyze the DNA adsorption patterns on the two adsorbents (Fig. 5c-d,
Table 3). The Freundlich isotherm model was better describing the
DNA adsorption profiles (R2= 0.99 and 0.93 for sewage-sludge biochar
and iron-oxide-coated sand, respectively, on filtered WWTP effluent
water) than the Langmuir monolayer isotherm model (R2 = 0.92 and
0.89, respectively). This suggested a multilayer adsorption of DNA
with heterogeneous distribution of active adsorption sites, agreeing
with already published literature (Fang et al., 2021).

Table 3 compares the calibrated parameters of both adsorption
models onto both adsorbentmaterials in ultrapure water and in filtered
WWTP effluent water. Sewage-sludge biochar revealed a higher
Freundlich constant KF (1 mg DNA g−1 adsorbent on effluent water)
than iron-oxide-coated sand (0.21 mg DNA g−1 adsorbent). For a ther-
modynamically favorable adsorption, the exponent constant n for a
given adsorbate and adsorbent at a particular temperature should lie
between 1 and 10 (Desta, 2013). This was the case for both adsorbents.

Sewage-sludge biochar was a more effective DNA adsorbent with
higher affinity towards nucleic acids than iron-oxide-coated sand. It is
important to highlight that the binding mechanisms differ between
the two types of materials: hydrophobic forces rule adsorption on
sewage-sludge biochar while the phosphate groups of DNA binds to
iron of the iron-oxide-coated sand.
7

3.3. No effect of pH and coexisting anionswas observed on DNA adsorptions

The influence of pH on DNA adsorption was analyzed in Tris-HCl
buffer medium at initial salmon sperm DNA concentrations of 20 and
100 mg DNA L−1 (Fig. 6a-b), but not significant effect of pH was ob-
served on DNA adsorption capacity onto the tested materials.

Organic clays, montmorillonite and biochar can adsorb more DNA
under acidic (pH < 5) than alkaline (pH > 9) conditions (Cai et al.,
2006c; Saeki and Kunito, 2010). Biochar surfaces display an increased
negative charge from pH 3 to 7 (Yuan et al., 2011). The isoelectric
point of DNA is about pH 5 (Cai et al., 2006b). Phosphate groups confer
a negative charge to DNA macromolecules when pH is above the
isoelectric point. At low pH < 2, DNA mostly presents neutral electrical
properties. In order to avoid electrostatic repulsion, sewage-sludge bio-
char and DNA should not be negatively charged simultaneously. At pH
below 4, both biochar surfaces and DNA phosphate groups are proton-
ated, decreasing repulsion between them and increasing the DNA
adsorption capacity. However, these theoretical principles do not align
with our experimental results. Wang et al. (2014) have similarly
observed that pH shifts did not impact the adsorption of nucleic acids
on willow-wood biochar. We conclude that DNA is mostly adsorbed
via hydrophobic interactions rather than electrostatic ones.

Adsorption of ortho-phosphate onto iron-oxide-coated sand in-
crease as the pH decreases, following an anionic adsorption behavior
(Huang et al., 2014). In our case, pH shifts did not show any significant
effect on DNA adsorption by the phosphate groups.

Fig. 6c presents the influence of ionic conditions on salmon sperm
DNA adsorption at pH 7, initial concentration of 100 mg DNA L−1. Na+

and Ca2+ addition at 1–60 mmol ion L−1 had no significant effect
(p > 0.05) on DNA adsorption onto sewage-sludge biochar and



Fig. 3. Removal of salmon sperm DNA standard by powdered activated carbon (PAC),
sewage-based biochar (SBC), iron oxide coated sands (IOCS), granular activated carbon
(GAC) andmineralwool in (a) ultrapurewater, (b) tapwater, and (c) effluentwastewater.

Fig. 4. Scanning electron microscopy images of sewage-sludge biochar at magnifications of (
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iron-oxide-coated sand (Supplementary Table S4). Only the addition of
60 mmol Mg2+ L−1 in the test with sewage-sludge biochar displayed a
significant increase of 33% (p < 0.05) in DNA adsorption capacity
(0.89 mg DNA g−1 adsorbent).

Ion bridges and charge neutralization are the supposed main mech-
anisms increasing DNA adsorption by cations addition (Cai et al., 2006a;
Nguyen and Chen, 2007). However, DNA adsorption onto these mate-
rials did not seem to be driven by electrostatic interactions. For this rea-
son, it is hypothesized that hydrophobic interactions or iron-phosphate
interactions can play a role in the DNA adsorption onto the sewage-
sludge biochar and iron-oxide-coated sand, respectively. Higher pyroly-
sis temperatures (>600 °C) significantly increase the DNA adsorption
efficiency by enhancing the surface area and hydrophobicity of the bio-
char (Dai et al., 2017).

3.4. Sewage-sludge biochar is an efficient adsorbent for DNA removal in up-
flow column systems

Two bench up-flow 15 × 1 cm chromatography glass columns
equipped with 0.5 g of glass beads (250–300 μm) surmounted by 3 g of
sewage-sludge biochar or 4 g of iron-oxide-coated sand particles filling
were evaluated for the continuous-flow adsorption of salmon sperm
DNA standard out of ultrapurewater and offilteredWWTP effluentwater.

The hydraulic residence time distributions (RTDs) measured by
spiking NaCl at 60mmol L−1 in thewater flow displayed plug-flow pat-
terns with axial dispersion in these column systems (Fig. S2 in Supple-
mentary information). Iron-oxide-coated sand displayed a sharper
peak but with long tailing. The RTD with sewage-sludge biochar was
more equilibrated with a Gaussian shape. Both RTDs harbored a peak
maximum (mode) at 10 min at a flow-rate of 1 mL min−1.

The DNA breakthrough curves are depicted in Fig. 7. In agreement
with batch results, sewage-sludge biochar was more effectively
adsorbing DNA than iron-oxide-coated sand from these watermatrices.
In ultrapure water, the effect of the adsorbent material on the break-
through point was remarkable, i.e.,10.4 ± 1.9 times (depending on ini-
tial DNA concentrations of 0.1–0.5 mg DNA mL−1) and 4.3 ± 0.9 times
a) 10.000× and (b) 15.000× and iron-oxide-coated sand at (c) 5.000× and (d) 10.000×.



Fig. 5. Equilibrium time of salmon spermDNA on treatedwastewater for (a) sewage sludge biochar and (b) iron oxide coated sands. An initial DNA concentration of 100 μgmL−1 was used
with the adsorbent ranging from 0 to 100mgmL−1. Freundlich and Langmuir isothermsmodels were fitted from experimental data in ultrapure water on (c) sewage-sludge biochar and
(d) iron-oxide-coated sand. The equilibrium salmon spermDNA concentration (Ce; a–b) and the amount of salmon sperm DNA adsorbed per unit of adsorbent (Qe; c–d) are displayed on
the graphs.
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(depending on flow rates of 0.1–0.5 mL min−1) higher (more time
needed to get saturated) on sewage-sludge biochar than iron-oxide-
coated sand. With filtered WWTP effluent water, the breakthrough
point of sewage-sludge biochar was 4.2 ± 1.8 times (depending on ini-
tial DNA concentrations) and 4.6± 1.3 times (depending on flow rates)
higher than iron-oxide-coated sand. The details on breakthrough points
are delivered in Table S5 in Supplementary information.

The Thomas and Yoon-Nelson mathematical models were used to
evaluate the effect of process variables on the efficiency of DNA adsorp-
tion in the packed-bed columns (Table S6). The twomodels are mathe-
matically equivalent (Chu, 2020). The only difference between the
model is the definition of their variables. Thomas model is used to esti-
mate the absorptive capacity of the adsorbent while the Yoon-Nelson is
Fig. 6. The influence of pH on DNA adsorption (mg DNA g material −1) by sewage-sludge b
20 mg L−1 (A) and 100 mg L−1 (B), respectively. No significant difference (p < 0.05) among t
(100 mg L−1) on sewage-sludge biochar (SBC) and iron-oxide-coated sands (IOCS). DNA ad
were set at 1 and 60 mmol L−1. Significant difference is defined by (*) when p < 0.05.
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used to predict the run time before regeneration or replacement of the
column is needed.

The Thomas model was used to analyze the DNA breakthrough
curves on sewage-sludge biochar and iron-oxide-coated sand on differ-
ent water qualities. The Thomas model constant KTH increased with the
flow rate for bothmaterials and bothwater qualities. The adsorption ca-
pacity at equilibrium qe was close to experimental results (qe (exp)), es-
pecially on ultrapure water. Thomas model adequately described the
experimental breakthrough data. This indicates that external and inter-
nal diffusions are not the only rate-limiting steps in the DNA adsorption
process.

The Yoon-Nelson model was applied to determine how much time
could the adsorbents be used for DNA removal. According to the
iochar (SBC) and iron-oxide-coated sands (IOCS). The initial concentration of DNA was
reatments was observed. (C) The influence of Ca+2, Mg2+ and Na+ on adsorption of DNA
sorption stands for mg of DNA per g of adsorbent added. The concentrations of the ions



Fig. 7. Experimental breakthrough curves for the continuous-flow adsorption of salmon sperm DNA in up-flow packed-bed columns filled with sewage-sludge biochar (a, c) and iron-
oxide-coated sand (b, d) adsorbents. The effect of the initial DNA concentration (0.1–0.5 mg DNA mL−1) was tested at a flow rate of 0.1 mL min−1 of either ultrapure water (MilliQ,
MQ; blue curves) or filtered WWTP effluent water (treated wastewater, TW; brown curves). The effect of the flow rate (0.1–0.5 mL min−1) was tested at an initial DNA concentration
of 0.3 mg DNA mL−1.
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interpolation of themodel plot, theYoon-Nelsonmodel constant KYN in-
creased with the inlet DNA concentration. The breakthrough time τ de-
creased with increasing flow rate and initial DNA concentration: the
column saturated faster because of less contact time and higher number
of DNAmolecules to be adsorbed. The small differences between exper-
imental and predicted τ values indicated that Yoon-Nelson model gave
an appropriate fit to the experimental column data on continuous DNA
adsorption.

3.5. Humic acids interfere on DNA adsorption with effluent water matrices

With ultrapure water, both sewage-sludge biochar and iron-oxide-
coated sand were fully saturated by salmon sperm DNA (ratio Ct/
Co ≈ 1) in column studies. This exhaustion point could not be achieved
with filteredWWTP effluent water (Fig. 7). The effect of water qualities
was explained by the interaction/adsorption of DNA on organic
Fig. 8. Influence of humic acids (HAs) onDNA adsorption on sewage-sludge biochar (SBC),
iron-oxide-coated sands (IOCS) and only HAs. Salmon sperm DNA was used as a DNA
template at a concentration of 20 μg mL−1. DNA adsorption stands for mg of DNA per g
of adsorbent added.
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components of the filtered WWTP effluent water like humic acids
(HAs) that are absent in ultrapure water. If DNA added in the inlet
binds to organic components such as humic acids and adsorbs onto bio-
char, the detection of the DNA concentration that was supposed to be in
the eluent will be compromised.

HAs are important components of soils and natural waters, that are
formed during humification of organic matter by microorganisms and
that bind metal ions in these environmental systems (Kochany and
Smith, 2001). We incubated salmon sperm DNA and the adsorbents
with a range of HAs concentrations (0 to 100 mg HAs L−1) to assess
their influence on DNA adsorption in batches.

Increasing HAs concentrations resulted in a significant decrease in
the DNA adsorption capacity of the sewage-sludge biochar (Δ0.5 mg
DNA g HA−1, 90.5% decrease) and iron-oxide-coated sand (Δ0.12 mg
DNA g HA−1, 17% decrease) (Fig. 8). When only HAs were supplied,
DNA adsorbed onto them (0.42 mg g−1). Saeki et al. (2011) showed a
similar effect when DNA molecules were exposed to HAs, suggesting
that HAs can adsorb and fix DNA. HAs can also directly adsorb onto bio-
char (Feng et al., 2008), thus enhancing the DNA binding capacity of the
biochar. This can explainwhy theDNA concentration in the columnout-
let never reached the inlet DNA concentration when the adsorbents in
the columns were DNA-saturated.

3.6. More than 95% of ARGs and MGEs present in the environmental DNA
were removed by sewage-sludge biochar in up-flow column

The removal of ARGs and MGEs from 1 L of WWTP effluent water
was assessed in the two up-flow packed-bed columns filled with
sewage-sludge biochar and iron-oxide-coated sand. Experiments were
conducted bothwith raw (i.e., unfiltered) and 0.2-μm filteredWWTP ef-
fluent water in order to differentiate between the removals of the
xenogenetic elements from the total environmental DNA (i.e., sum of
free-floating extracellular DNA andmicroorganisms with their intracel-
lular DNA) and the free-floating exDNA fraction. qPCR was used to
quantify the concentrations of ARG and MGE copies from a representa-
tive panel of genes for the Netherlands.



Fig. 9. Quantitative PCR results assessing differences in the concentrations of ARGs and
MGE in the unfiltered (a) and filtered (b) WWTP effluent and in the outlet stream of the
adsorption columns filled with either iron-oxide-coated sand (IOCS) orsewage-sludge
biochar (SBC). (a) Comparison was done with unfiltered effluent water samples
assessing the removal of environmental DNA (i.e., including both free-floating exDNA
and antibiotic resistantant bacteria). (b) Comparison was done with filtered effluent
water samples assessing the free-floating exDNA removal (i.e., in absence of
microorganisms). Values are shown on Log10 gene copies mL−1 from a panel of 16S
rRNA gene, selected ARGs (sul1, sul2, ermB, qnrS and blaCTXM) and one MGE (intI1).
Statistical significance: p < 0.05(*), p < 0.005 (**), p < 0.0005 (***). Note: “nd” stands
for “non-detected”. Black dots represent data outliers.

Table 2
Physicochemical properties and elemental compositions of sewage-sludge biochar pre-
pared by pyrolysis at 600 °C of surplus activated sludge obtained from a WWTP and of
iron-oxide-coated sand reclaimed from a drinking WTP.

Parameter Sewage-sludge biochar Iron-oxide-coated sand

Physicochemical properties
Production yield (%) 38.6 –
Moisture content initial (%) 78.9 –
Moisture content final (%) 6.1
Volatile matter (%) 68.1 –
Surface area (m2g−1) 32.4 164.9
Pore diameter (nm) 10.1 6.2
pH (−) 8.0 8.2

Elemental composition (%)
C 14.1 2.1
H 1.7 3.3
O 37.4a 43.7a

N 1.9 0.01
S 19.5 –
P 7.7 –
Ca 4.3 –
Mg 5.6 –
Fe 3.9 27.3
Si 3.2 23.6
Al 1.3 –

a Oxygen content estimation.
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With unfiltered WWTP effluent water (Fig. 9a, Table 4), it was ob-
served that all the tested genes in the sewage-sludge biochar eluent
were significantly reduced (p < 0.0005) when compared with their
inlet concentration (log10 gene copies mL−1). Regarding the iron-
oxide coated sands eluent, only sul2, ermB, and blaCTXMwas significantly
reduced (p < 0.0005) and qnrS (p < 0.05) when compared from their
inlet concentrations. Individual qPCR gene values per sample are listed
in Table S7.

With filtered WWTP effluent water (Fig. 9b, Table 4), all the tested
genes in the sewage-sludge biochar eluent were significantly reduced
when compared with the inlet filtered treated wastewater (p < 0.0005),
especially qnrS, ermB and blactxm that were no longer detected in the col-
umn eluent. Regarding iron-oxide coated sands, only sul1 and sul2
(p < 0.05) and ermB and qnrS (p < 0.0005) were significantly reduced in
the eluent when comparedwith the column inlet concentrations. Individ-
ual qPCR gene values per sample are listed in Table S8 in Supplementary
information.

Overall, 97% and 66% of the targeted genes present in the total envi-
ronmental DNA of the raw WWTP effluent water decreased from the
inlet to the outlet of the sewage-sludge biochar and iron-oxide-coated
sand columns, respectively. During experiments conducted with fil-
tered WWTP effluent water, the genes were removed at 85% and 54%
by retention of the free-floating exDNA in the sewage-sludge biochar
and iron-oxide-coated sand columns, respectively. Individual removal
values per gene are listed in Table S9 in Supplementary information.
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3.7. Outlook: valorizing surplus sludge as biochar to mitigate ARG levels in
WWTP effluents

We highlighted that materials reclaimed fromwastes of water engi-
neering facilities, namely WWTP and drinking WTP, can become effec-
tive adsorbents to remove ARGs and MGEs from WWTP effluents. We
involved a detailed examination of both the free-floating exDNA frac-
tion and the total environmental DNA.

Sewage-sludge biochar produced by pyrolysis of surplus sewage
sludge is an attractive, reclaimedand low-cost alternative tomanufactured
powdered activated carbon for the removal of xenogenetic elements from
wastewater by adsorption. Adsorption capacity similar to activated carbon
was obtainedwith sewage-sludge biochar in batch tests.We acknowledge
that biochar can be more variable in composition and properties than ac-
tivated carbon due to the type of sludge and pyrolysis conditions. Before
going for full-scale operation, the variability of adsorption properties of
biochar needs to be checked depending on biomasses and conditions
used for production. Further studies can be conducted to investigate this
important aspect using multifactorial experimental design. Biochar is
widely usedworldwide for sanitation. Numerous studies have highlighted
biochar as a very effective material to remove antibiotics, heavy metals,
and resistance (Aly, 2016; Fu et al., 2021; Tian et al., 2019). Besides high-
grade technological solutions for industrialized countries, we need to
bring science into low-cost scalable and implementable solutions for re-
gions with less access to expensive technologies.

Sewage sludge surplus inWWTPs gradually increase with the rising
world population and the needs for sanitation and installation of new
WWTPs thereof. At European level, sludge production reaches 13 mil-
lion tons by 2020 (Capodaglio and Callegari, 2018). The treatment and
discarding of sewage sludge (e.g., landfilling, agriculture and incinera-
tion) is an expensive and ecological burden. The European directive
86/278/EEC on agricultural use of sewage sludge set stringent regula-
tions because of the presence of high concentrations of heavy metals
and pathogens. Incineration is carried out in most of EU-15 countries,
like the Netherlands (Agrafioti et al., 2013; Capodaglio and Callegari,
2018). Large-scale incineration requires high investment and operating
costs together with extensive cleaning and gas purification.

Pyrolysis can become an interesting alternative to reduce sludge
volumes, remove pathogens, and simultaneously convert the sludge or-
ganic matter into biofuel or biochar (Inguanzo et al., 2002). In contrast
to incineration, pyrolysis requires less or no oxygen and eventually



Table 3
Parameters derived from Freundlich (Eq. (2)) and Langmuir (Eq. (3)) isothermmodels calibrated to the DNA adsorption profiles onto sewage-sludge biochar and iron-oxide-coated sand
materials in ultrapure water and filtered (0.2 μm) WWTP effluent water.

Adsorbent Type of water Freundlich multilayer
isotherm model

Langmuir monolayer
Isotherm model

R2

(−)
KF

(mg DNA g−1 adsorbent)
1/n
(−)

n
(−)

R2

(−)
qmax

(mg DNA g−1 adsorbent)
KL

(L mg−1 DNA)

Sewage-sludge biochar Ultrapure water 0.95 1.4 0.13 7.87 0.89 2.2 1.81
Filtered WWTP effluent water 0.99 1.0 0.19 5.16 0.92 2.0 0.61

Iron-oxide-coated sand Ultrapure water 0.81 0.3 0.31 3.20 0.78 1.7 0.06
Filtered WWTP effluent water 0.93 0.21 0.61 1.63 0.89 5.8 0.01
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reduces the generation of flue and acid gases to be cleaned (Hwang
et al., 2007). Pyrolysis can also be interestingly driven in solar furnaces
(Ayala-Cortés et al., 2019), minimizing energetic costs. Biochar pro-
duced out of dewatered sewage-sludge can efficiently remove chemical
pollutants from wastewater (Fathi Dokht et al., 2017) like agrichemi-
cals, pharmaceuticals, personal care products or endocrine disrupting
compounds (Thompson et al., 2016). The here-demonstrated ability of
sewage-sludge biochar to remove nucleic acids and their problematic
xenogenetic contents is an asset, besides promoting circularity in
water resource factories.

Finally, exDNA free-floats in typical concentrations of 5.6 ±
2.9 μg L−1 in effluent wastewater (Calderón-Franco et al., 2020b). The
here-sampled WWTP treats 200′000 m3 day−1, corresponding to a dis-
charge of 1 kg exDNA day−1. Since removing up tomore than 85% of the
free-floating genes, a sewage-sludge biochar solution can prevent the
discharge of 310 kg exDNA year−1 on top of problematic microorgan-
isms within the environmental DNA released from the catchment area
of this largest WWTP of the Netherlands.

4. Conclusion

We showed the potential of waste materials from WWTPs and
drinking WTPs like surplus activated sludge and used iron-oxide-
coated sand to get revalorized to remove free-floating exDNA and
total environmental DNA containing ARGs and MGEs from treated
wastewater. The main conclusions of this work are:

1. Sewage-sludge biochar displayed physical-chemical characteristics
and DNA adsorption efficiencies similar to powdered activated car-
bon. Sewage-sludge biochar can be efficiently implemented in
batches or continuous-flow packed-bed systems. Furthermultifacto-
rial studies should address the variability in product characteristics
and adsorption capacities of biochars.

2. The removal of ARGs and MGEs was remarkable, notably with
sewage-sludge biochar. From the total environmental DNA (i.e., com-
posed of both intracellular and extracellular DNAs), 97% of the eval-
uated geneswere adsorbed and removed from rawunfilteredWWTP
effluent water in continuous-flow packed-bed columns filled with
sewage-sludge biochar while a 66% removal was achieved with
iron-oxide-coated sand. From the free-floating exDNA fraction, 85%
of ARGs and MGEs were retained with this exDNA fraction in the
sewage-sludge biochar column; 54% with iron-oxide-coated sand.
Table 4
Quantitative PCR results assessing the 16S rRNA gene, a panel of antibiotic resistance genes, and
differences between the inlet (unfiltered or filtered effluent water) and outlet of the adsorptio

Type of water Material ΔGene (log10 gene copies di

16S rRNA sul1

Unfiltered effluent water Iron-oxide-coated sand 0.34 ± 1.1 0.1 ± 1.0
Sewage-sludge biochar 2.3 ± 1.4 1.9 ± 1.3

Filtered effluent water Iron-oxide-coated sand 0.003 ± 0.5 0.8 ± 0.4
Sewage-sludge biochar 3.0 ± 0.5 3.2 ± 0.4
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3. Recycling surplus sludge and other waste biomasses into a low-cost,
scalable and implementable solution can help remove the load of
AMR released in aquatic environments.

By aligning to UN SDGs for clean water & sanitation and responsible
consumption & production, we provide here a solution to mitigate the
emission of problematic xenogenetic elements from sewage into sur-
face waters. Both end-of-pipe but also decentralized technologies can
be developed from this science-based evidence to remove AMR from
used water streams at low cost.
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